The potential environmental impact of Landfilling, Incineration and Recycling of spent household alkaline batteries collected in continental Portugal was compared using LCA methodology and the Recipe Impact Assessment method. Major contributors and improvement opportunities for each system were identified and scenarios for 2012 and 2016 legislation targets were evaluated.
Introduction
The European legislation regarding waste is based on Framework Directive, Directive 2008/98/EC of the European Parliament and of the Council of 19 November 2008, that ''lays down measures to protect the environment and human health by preventing or reducing the adverse impacts of the generation and management of waste and by reducing overall impacts of resource use and improving the efficiency of such use'' (Official Journal of the European Union, 2008) .
This Directive provides in Article 4 that the traditional waste hierarchy ''shall apply as a priority order in waste prevention and management legislation and policy'', and that when applying such hierarchy, ''Member States shall take measures to encourage the options that deliver the best overall environmental outcome. This may require specific waste streams departing from the hierarchy where this is justified by life-cycle thinking on the overall impacts of the generation and management of such waste'' (Official Journal of the European Union, 2008). Thus, although recycling is a hierarchically preferential option than energy recovery or landfilling it is important to know, for certain waste flows, the environmental loads associated with the different options to assess whether it is environmentally advantageous to comply with that hierarchy. In the environmental impact analysis of these options, it should be considered not only the treatment processes itself (recycling, incineration and landfilling) but also all other implications of those, such the transportation, the production of energy and auxiliary materials, etc., thus, applying the life cycle perspective to such analysis, i.e. analyzing the environmental impact from the origin of the waste to its final disposal or until the products resulting from its treatment are an integral part of the environment.
For some wastes, such as for alkaline batteries, that are part of the waste flow of batteries and accumulators, additional reasons motivate and justify this kind of assessment: (1) The flow of waste batteries and accumulators includes a wide range of products both in structural terms -from button batteries to industrial batteriesand in composition and hazards to the environment of their constituents -from the alkaline and zinc carbon batteries, considered low-polluting until those that contain substances with recognized negative effect on the environment such as Mercury, Lead and http://dx.doi.org/10.1016/j.wasman.2015.06.006 0956-053X/Ó 2015 Elsevier Ltd. All rights reserved. Communities, 2003) . The mandatory collection and recycling rates provided under current legislation (minimum of 25% by 2012 and 45% by 2016) applies to all portable batteries (and not just to those classified as hazardous as it was in previous legislation) not due to their hazards or potential environmental impact but because the collection schemes for all portable batteries have proven to be more efficient than separate ones for certain types of batteries, because consumers have shown difficulty in identifying and thus to separate the non-hazardous and hazardous batteries. (2) Moreover, despite being defined European targets for separate collection and recycling of all types of portable batteries (Official Journal of the European Union, 2006) , that includes alkaline batteries, the batteries that are not separately collected will be sent for incineration or landfilling. The literature refers situations where, although the batteries were separately collected, they were sent to landfill, as happened at least in Sweden and Germany (Commission of the European Communities, 2003) . In compliance with the current legislation these situations should no longer be possible since it obliges that all batteries collected separately are recycled. (3) Additionally, in the justification of the current legislation in the field of batteries, it is recognized the lack of scientific knowledge, or at least specific data and in particular of LCA studies (Commission of the European Communities, 2003) that fully support the guidelines adopted.
Cadmium (Commission of the European
The awareness of governs about the impact of management alternatives for spent batteries has led to quite extensive studies done in some European countries such as the United Kingdom (ERM, 2006) , Belgium (Briffaerts et al., 2006 (Briffaerts et al., , 2009 and the Netherlands (AOO, 2002a,b) . The European Commission has also promoted the development of knowledge in this field (European Commission, 2009 ).
The ERM study arose after the adoption by the EU Council of Ministers, of the proposed directive on batteries and accumulators. It was commissioned by the UK Department for Environment, Food and Rural Affairs (Defra). The objective of the study is to inform about the costs and benefits of various options to implement, in the UK, the collection and recycling of portable batteries as provided in the draft directive. This study uses the LCA with a subsequent economic evaluation of battery management alternatives between 2006 and 2030. It shows that the increase of battery recycling is beneficial to the environment due to the recovery of metals; however, it is done at a significant financial cost when compared with the elimination. Additionally estimations show that the implementation of the proposed directive will result in a significant increase in battery waste management costs, but with some savings in financial costs if environmental and social aspects are quantified (ERM, 2006) .
In the study from Briffaerts et al. (2006 Briffaerts et al. ( , 2009 ) two hydrometallurgical (Revabat and Revatech) and two pyrometallurgical (Batrec and Valdi) treatment scenarios are compared for an average composition of Belgian spent batteries. The impact assessment method Eco-indicator 1999 was used. According to the study, none of the treatment scenarios have a better or worse overall performance than the others. Each option has specific advantages and disadvantages.
A study was conducted in 2002 comparing the life cycle of four waste treatment options for batteries collected in the Netherlands (AOO, 2002a,b) : Batrec, Valdi, Nedstaal (production of steel in electric arc furnace) and Zimaval (hydrometallurgical treatment that produces metallic zinc). The CML impact assessment method was used. The study concluded that Valdi and Batrec have a better performance than Nedstaal and Zimaval. For Valdi, the main environmental impact was due to mercury emissions because in 2002 the facility was not equipped with activated carbon filter (AOO, 2002a) . For Batrec, the results were negatively influenced by the relatively high production of waste.
The study, sponsored by the European Commission (European Commission, 2009 ) is an excellent compilation of data and technical information about battery recycling.
Despite the existence of some studies in this area, their results may not be extrapolated from country to country or even from region to region not only due to the specificities of the processes, but also to the characteristics of the countries/regions in question, such as the electric matrix.
Thus, it seems justifiable and helpful an evaluation of the environmental burdens of management alternatives for spent alkaline batteries, the portable batteries most commonly used in Portugal, which is the objective of this work. The methodology chosen for this study is the Life Cycle Assessment according to ISO 14040 (ISO, 2006a) and ISO 14044 (ISO, 2006b ) standards. The following description fulfils the requirements of these standards with limits on extension and with some adaptations in structure requested by a scientific paper.
Goal and scope definition

Goal definition
The reason for this study is to know the potential environmental impacts associated with three management alternatives for spent household alkaline batteries collected in continental Portugal with the following final destinations: (1) landfilling; (2) incineration and (3) recycling.
The results of the study and the information developed in its implementation (in particular the knowledge of the processes involved and the identification and quantification of associated inputs and outputs) have several applications from which we can highlight a few, explored in this paper. On one hand the study allows to compare the environmental performance of these three management alternatives taking into account various environmental issues, defined by the impact categories and the different compartments of the environment i.e. air, water and soil. On the other hand, it allows identifying the origin (at the inventory level) of the most significant environmental burdens and, consequently, the environmental advantages and disadvantages of each alternative thus allowing the identification and definition of improvement opportunities for each one. It was also possible to study two scenarios of spent alkaline batteries management in continental Portugal, considering legislation targets for batteries collection and recycling in 2012 and 2016, in which the three mentioned options coexist. The 2012 and 2016 scenarios consider respectively: (i) recycling -25% and 45%; (ii) landfill -56% and 41% and (iii) incineration -19% and 14%. The recycling rates of 25% and 45% correspond to the limits set by the legislation in force (Xará et al., 2014) .
This study is intended to all those interested in knowing the comparative potential environmental impact of the options studied, and in this particular to the members of the entities involved in the definition of environmental policies and the management of these wastes. It is also intended to all whom it may concern to know the environmental advantages and disadvantages (opportunities for improvement) of each alternative such as professionals involved in the different processes considered.
Since this study is part of a research project it is expected that the results are used in comparative statements for public disclosure, particularly in technical and scientific communications that implies, according to ISO 14040, specific requirements in its dissemination.
Scope definition
Systems under study
The life cycle of the systems under study starts when the consumers discard/deposit spent batteries and terminates when emissions associated with the final destination of these batteries become an integral part of the environment.
In this study the reference situation of Continental Portugal is analyzed, considering the year 2012, the latest year for which data to characterize the MSW management systems are available. In 2012 the 278 municipalities of continental Portugal were organized into 23 systems with MSW management infrastructures ensuring an appropriate final destination for the waste produced in their area (APA, 2014a) . Each system has at least a landfill, in a total of 34 landfills, but in two the incineration of MSW is the predominant option and landfilling is only used during the incinerator maintenance periods or in case of failure. Thus, in Continental Portugal, there are two incineration plants and 32 landfills receiving mixed MSW daily. In 2012, from the total MSW generated, 18.2% was incinerated and 53.6% landfilled (APA, 2013a) .
Despite the existence of selective collection schemes for spent alkaline batteries in continental Portugal, a significant amount is still discarded with the mixed household waste. In the first case the batteries will be sent for recycling abroad (Xará et al., 2014) and in the second to landfill or incineration according to the MSW management system of the municipality. In both cases, the collection will be the responsibility of the municipality (or a company contracted by it) and may include the storage in a Transfer Station prior to the delivery to the landfill, the incineration or to the location from where the batteries will be sent to recycling. Both the landfill and the incineration comprise specific systems for emission treatment: the leachate and landfill gas from the landfill and the air emissions from the incineration.
The systems under investigation are therefore the three options for spent household alkaline batteries management: System 1: Mixed deposition/collection + Landfilling. System 2: Mixed deposition/collection + Incineration. System 3: Selective disposal/collection + Recycling.
Each system will be identified in this work for the correspondent final destination.
They are depicted in Fig. 1 and briefly described below.
2.2.1.1. System 1: Landfilling. In this case consumers discard their spent batteries in the mixed household waste. No specific type of containers is used for packing these residues in the production site. Consumers usually use shopping plastic bags or specific trash bags.
After that, at the municipal level, there are containers or, less commonly, the bags are simply placed on the sidewalk for collection. The mixed household waste is then collected and transported to the landfill of the MSW management system to which the municipality belongs eventually through a Transfer Station. The landfilling can be preceded by a mechanical and biological waste treatment.
For the characterization of the landfills in operation in 2012 in continental Portugal the respective environmental licenses were consulted (APA, 2014b), only available for 26 of the 32 landfills (see Section 2.2.1).The characterization was focused on quantifying the volume (m 3 ), the installed capacity (ton) and the resource consumption (water, electricity and diesel) of an average landfill in continental Portugal. Also the different typologies of landfill gas and leachate treatment were investigated. The characterization of such landfills is shown in Table 1 (columns 1 and 2) in Appendix A. In Fig. 2 the landfilling system considered in this study is outlined with the identification of the different processes and the main inputs and outputs.
During the reception and disposal of waste in a landfill, process water is consumed for drinking, showers and toilets, washes (including pavements, vehicles and wheels), for the irrigation systems and fire. This water may come from public network or from own captures. The diesel is consumed in vehicles and equipment and the electricity primarily for lighting but also in other applications as heating office buildings in winters.
The captured landfill gas is simply burned in flares or used for energy recovery, particularly for electricity production. The landfill gas not captured mainly the one resulting from collection inefficiency, is released into the environment. The production of landfill gas (captured or not) involves air emissions. The leachate produced during 100 years after the closure of the landfill is subjected to a treatment, which generates sludge sent to incineration. After this period, the leachate produced is directly released into the environment.
2.2.1.2. System 2: Incineration. In this system the collection process is at all similar to the previous one but the treatment process is incineration and therefore the waste is collected and transported to the incineration plant of the MSW management system to which the municipality belongs.
The two incineration plants existing in continental Portugal are in operation since 2000. Both are mass-burn incinerators with energy recovery. One of the units belongs to the MSW management system denominated Valorsul, located in Lisbon, the country capital, and the other belongs to Lipor, the system located in the Porto region, in the North, the second most important city of the country.
To determine the inventory of the alkaline batteries incineration in Portugal these two incinerators were firstly characterized both in terms of process technology and of its operation concerning resource consumption and emissions in 2012 for which environmental licenses data and official reports were used (APA, 2014c,d) . In that year Lipor incinerated 391,623 ton of mixed MSW and Valorsul 498,275 ton. Both units are equipped with: (i) magnetic separation of ferrous scrap in the bottom ash; (ii) selective non-catalytic nitrogen oxides (NO x ) reduction (SNCR) system by injection of an aqueous solution of ammonia or urea at the bottom of the combustion chamber; and, (iii) gas treatment system comprising a reactor and a bag filter -in the reactor the neutralization of acid gases (SO 2 , HCl and HF) takes place in a semi-dry process by injection of an aqueous lime milk solution and there, it is also injected activated carbon for the removal of dioxins, furans and heavy metals, especially mercury. The amount of solution injected to reduce NO x emissions depends on the thermal load of the furnace and on the NO x amount in the flue gas (APA, 2014d). The aqueous lime solution is usually prepared from lime, Ca(OH) 2 (Bicocchi, 1998) . Fig. 3 outlines the Incineration system considered in this study with the identification of the different processes and the main inputs and outputs. From the incineration process, air emissions and solid waste (bottom ash and fly ash) result. The air emissions are treated as referred before. The bottom ash, after the removal of ferrous scraps, is sent to a landfill of non-hazardous waste. The fly ash and the residues from the gas treatment are stabilized/solidified with cement and sent to a ash landfill. The leachate from the bottom ash and fly ash landfills results in short-term and long-term water emissions.
2.2.1.3. System 3: Recycling. In this case, consumers place their own spent batteries in specific carton containers placed in certain institutions (supermarkets, schools and others) or in plastic containers existing on streets close to the ones for selective deposition of MSW. Hence, they are collected, packing in the specific carton containers if previously collected in other system and transported to the sorting unit from where they are then sent for recycling abroad.
In the present study the recycling process Fernwärme Wien in Austria is considered. This recycling process was chosen because it is the one that showed the best environmental performance in a study where different processes were evaluated (Xará et al., 2014) and it is the one for which primary data (directly from the recycling company) was obtained.
The plant is situated at Fernwärme Wien's hazardous waste incineration plant Simmeringer Haide, Vienna, which incinerates 100,000 tpy of hazardous industrial waste and 180,000 tpy of sewage sludge. It processes about 3000 tpy of spent batteries on base of a 7000 hpy continuous operation. Fed batteries are mainly zinc carbon batteries, alkaline batteries and mixtures. The delivered batteries are dumped into a feeding bin (Fig. 4) and via a dosing belt conveyors and a vertical conveyor the batteries are continuously fed into the rotary kiln. Ignited by small amounts of fuel oil the batteries are treated at temperatures of approximately 650°C for about 1 h. During this process, the spent batteries disintegrate; carbon, zinc and manganese are oxidized; and heavy metals leave the kiln with the dust fraction of the flue gas. After exiting the rotary kiln and passing the post-combustion and separation chamber the remaining dry bulk material is discharged using a cooling screw. The cold material is then fed to the shredder by a bucket elevator. The shredded solid material is separated into a fine and a coarse fraction using a sieving machine. The coarse fraction is further separated by a magnetic separator into a magnetic (scrap metal) and a non-magnetic fraction (zinc/manganese oxide). The off gas passes a hot cyclone to remove most of the entrained solids and is then cleaned in a three-stage flue gas treatment system. As, because of the low temperature, combustion might not have been complete, and the off-gas contains hazardous components such as mercury, the off-gas is fed into one of the hazardous waste rotary kilns for final post combustion at 1200°C. Afterwards, it passes the same multi-stage gas cleaning system including an electrostatic filter, scrubbers, activated coal filter and nitrogen oxide removal (SCR) as the flue gas out of the main hazardous waste treatment plant for final cleaning. This plant interconnection ensures that all emission limit values given by legal regulations can be met. The process water used in the scrubber's plant is continuously removed by fresh water. The waste water is collected by the wastewater collection system from where it is pumped into the wastewater treatment station of the hazardous waste incinerator and treated together with the mainstream by stepwise precipitation using iron chloride, lime and TMT 15.
The scrap is sent to one of the Austrian steel plants. To separate clean scrap, two powder fractions are produced both containing a similar percentage of zinc and manganese that are further processed in a Waelz kiln process where zinc is recovered for use in the metal industry and a vitreous slag is formed which can be used in underground construction (Xará et al., 2014) .
Systems functions
The main function of the studied systems is the management of spent alkaline batteries after their delivery/deposition by the consumer. In the Recycling system there is additionally material recovery (steel, zinc and vitreous slag); in the landfilling energy recovery takes place; in the incineration process there are both energy and material recovery (steel scrap from bottom ash). In this study, the quantification of such recovered flows and the inherent environmental advantage is presented separately in order to evaluate its effect in the respective system analysis.
Functional unit and reference unit
In this study, the functional unit is the treatment of a certain number of batteries carried to certain final destination -landfilling, incineration or recycling. As reference unit, an amount of 1000 kg of household spent alkaline batteries, size AA, which (Xará et al., 2014). corresponds to about 42,553 units (assuming an average weight of 23.5 g/battery) was used.
Systems boundary
For each system the processes that are part of the life cycle of the waste are considered -from delivery/deposition by the consumer until the resulting emissions become an integral part of the environment.
In Figs. 2 and 3 the individual systems of Landfilling and Incineration, respectively, are shown schematically, representing the processes considered in the study and their inter-relationships as well as identifying their main inputs and outputs.
For system 1 -Landfilling (Fig. 2) -the following processes are considered:
-Reception and waste disposal. -Landfill gas treatment. -Leachate treatment (only for the leachate occurring over the first 100 years). -Incineration of sludge resulting from the leachate treatment.
-Landfilling of bottom ash and fly ash (produced during the incineration of the sludge).
For system 2 -Incineration ( Fig. 3 ) -the following processes are considered:
-Reception and waste burning. -Gas treatment. -Bottom ash de-scrapping.
-Fly ash and gas treatment residues stabilization/solidification. -Landfilling of bottom ash and solidified residues and treatment of their leachates.
For system 3 -Recycling -the recycling process in Austria, previously studied by the authors (Xará et al., 2014) was considered. The processes included are grouped into: containers manufacture; distribution of empty containers; batteries collection and sorting; batteries international transport for recycling and batteries recycling (Fig. 4) .
The production of materials and energy needed to the previous processes are also considered, so that in-flows and out-flows are elementary. Any exception to this approach is justified in the inventory section. Transport distances are listed in the inventory.
Recovered materials are likely to replace virgin resources and are usually considered environmentally beneficial. However, among LCA practitioners, there is no consensus about the system to which this environmental benefit should be allocated -to the system in which the material is recovered or to the one in which it is used replacing a virgin material. In this study, recovered materials are identified in the inventory of each system and considered in the impact assessment phase separately so allowing the evaluation of its effect on the overall result of the system. The same approach was applied to energy recovery in landfill and incineration.
Data requirements and data quality requirements
Given that the purpose of this study is focused on evaluating the potential environmental impact of alternatives to manage spent alkaline batteries collected in continental Portugal, it is at all required that the data used reflect this reality. Thus, in characterizing and modeling each process, primary data, both laboratory and from entities involved in that waste management, and secondary data, obtained in official and scientific publications were used. When defining the inventories, published data and the Ecoinvent database (Ecoinvent, 2010) were used. In the inventory of each system the origin of the data used is indicated.
Allocation procedures
In the present study allocation procedures have been used particularly in the definition of the inventories for the different processes. These are identified in the inventory section or in the bibliographic references supporting the inventory of each process.
Impact categories and impact assessment methodology
Considering the objective of the study, the method Recipe 2014, version 1.11 (http://www.lcia-recipe.net) was used for the impact assessment. In detail, indicators at the midpoint level and the Hierarchist perspective were chosen. The impact categories addressed and their respective units, abbreviations and area of protection are presented in Table 2 . These impact categories belong to the areas of protection of Human health, Ecosystem and Resources. 
Interpretation
Since we intend to compare the three management alternatives for the spent batteries, the interpretation include the comparison of results for each impact category, in order to infer about the effect of each alternative on each environmental issue. Additionally, for each system, the processes that most contributes to the result in each impact category are identified and are seen as improvement opportunities.
As mentioned in the goal definition (Section 2.1), the interpretation also includes the analysis of two scenarios of spent alkaline batteries management in continental Portugal where the three options coexist. They are denominated 2012 and 2016 and were established considering that respectively 25% and 45% of discarded batteries were selectively collected and recycled while the remaining were subjected to the landfilling or incineration processes in the same proportion that was reported for mixed MSW in 2012 (see Section 2.2.1). The 2012 and 2016 scenarios consider respectively: (i) recycling -25% and 45%; (ii) landfill -56% and 41% and (iii) incineration -19% and 14%. The recycling rates of 25% and 45% correspond to the limits set by the legislation in force (Xará et al., 2014) .
Assumptions, value choices and optional elements
To carry out the present study a number of assumptions were considered. In each situation they are presented in the inventory section. In the Interpretation (Section 2.2.8), when identifying the processes that most contribute to the result of each management alternative for each impact category the influence of the assumptions on the final results was also verified.
Limitations
The characterization of the systems under study, their analysis in terms of inventory, impact assessment and interpretation are associated with the previously mentioned assumptions. Thus, for the limitations of the study it can only be added that the result relates to the systems described in this paper taking into account the assumptions referred and the knowledge limitations reflected in the databases and in the impact assessment method used.
Type of critical review
Since the present study involves the comparison of batteries management alternatives and it is planned to publish its results, the critical review was conducted by experts not involved in the study but stated as co-authors of this research paper. All the comments were discussed and incorporated in the present paper.
Life cycle inventory
For each system under study, data for description and characterization of all the processes identified within its border was collected (Section 2.2.7). This characterization includes identification and quantification of the inputs and outputs and the following categories of data were considered: -Inputs of energy, raw materials and auxiliaries. -Products, co-products and waste. -Emissions to air, discharges to water and soil.
Primary data were used -both from laboratory tests and from the entities involved in the waste management, and secondary data -obtained from official publications and also from the database Ecoinvent (Ecoinvent, 2010) .
Both in the processes of landfilling and incineration, the alkaline batteries are part of a mixture of waste which includes a wide variety of materials and articles. In this study, through the modeling of such processes, the resources and emissions that are associated with this waste stream were estimated; some of these inputs and outputs are allocated to this stream based on its mass and other based on some of their particular properties, particularly its composition.
Batteries composition
The batteries considered in this study were characterized in laboratory in terms of its structural components and their material identification, dry weight, moisture content, ash content, higher heating value. The elemental composition of the different components was also determined. This and other characteristics necessary in the present study are presented in Table 3 (in Appendix A) where are also indicated the calculations and/or estimations done.
Landfilling
The inputs and outputs of the Landfill system for disposal of 1 kg of target batteries were determined using the model proposed by Doka (2009) . In this model various parameters relating to landfills are considered, some of which were compared with the corresponding to the landfills of continental Portugal. The parameters of water consumption and gas treatment have been changed to better match the reality in Portugal. The others were considered appropriate (see Table 1 , in Appendix A). Although in Portugal does not exist incineration of sludge from landfill leachate treatment, this process was considered in this study because this is considered a good practice which may be adopted in the country and as such seen as a good baseline. The waste resulting from this incineration is then landfilled in slag compartments (bottom ash landfill) and residual material landfill (fly ash and residues from gas treatment landfill). The parameters of these processes were not changed.
This model is based on the definition of transfer coefficients (TK) for each element, which when applied to the composition of the batteries allow to quantify the different resulting emissions that are divided into short-term (occurring over the first 100 years) and long-term (occurring from 100 to 60,000 years after the waste placement) (Doka, 2009 ). The short-term emissions include gas and leachate emissions that will be subjected to treatment; the long-term emissions are only long-term leachate in the groundwater (Fig. 2) . On determining the emissions, for some elements their speciation is considered because the different compounds have different environmental burdens. In the particular case of gaseous emissions of carbon compounds (CO, CO 2 and CH 4 ) emissions from fossil and biogenic origin are distinguished.
The short-term transfer coefficients, both for the gas (TK short-term gas or simply TK gas) as for the leachate (TK short-term leachate) are obtained (equations 1 and 2, respectively) by the product of Elemental degradation rates (De) for the waste in study (which is obtained from the degradability of each component of the batteries in 100 years and its elemental composition), the release factor (re), and the share (%) of element transferred to gas and leachate respectively. The degradability of each component of the batteries in 100 years and its elemental composition are reported in Table 3 , in Appendix A; the release factor and the share of element transferred to the gas and leachate are obtained from bibliographic references (Doka, 2009) . These parameters are shown in Table 4 , in Appendix A. TK short-term gas ¼ De Â re Â %gas ð1Þ
The degradability is homogeneous, i.e. it is the same for all elements of the same matrix (the same component of the batteries) but the release factor is different for each chemical element (Doka, 2009 ). The transfer coefficient for the long-term emissions (TK leachate long-term) addresses further degradation and emissions after 100 years.
In applying this model, the emissions resulting from the degradation of the defined batteries (emissions to leachate) were compared with the results of several leaching tests previously performed (Xará et al., , 2013 . Those results were used to estimate the degradability of each component of the batteries whose values are presented in Table 3 , in Appendix A.
In Table 5 , in Appendix A, inputs and outputs for the landfilling of 1 kg of batteries, including the data used, the calculation, the assumptions, the allocation processes and the data source for the inventory are presented.
Incineration
When modeling the incineration process, the batteries composition previously presented in Section 3.1 and Table 3 (in Appendix A) was considered. Beyond the elemental composition of each component, the heating value, the share of metallic/recyclable Fe and the share of biogenic C are included and each component is also classified as burnable or non-burnable, i.e. inert (Table 3 , in Appendix A).
The modeling is based on the definition of transfer coefficients that quantify the distribution of each chemical element present in batteries between the outputs of the incineration process. It is generally considered that inert components go completely into the bottom ash (Doka, 2009) and that for burnable components there will be a distribution between the incineration outputs, in this case (incineration with semi-dry gas treatment system) air emissions, bottom ash and fly ash.
Given the specificity of the product under analysis, the domestic alkaline batteries, the transfer coefficients used in this study were developed for this purpose based in laboratory tests, described in Almeida et al. (2009) , complemented by data from literature. Those transfer coefficients are shown and explained in Table 6 .
The resulting bottom ash is additionally subjected to a de-scrapping process where ferrous metals are removed for recovery before it is sent to a landfill. The fly ash (and the residues from the gas treatment) are stabilized/solidified with cement and also sent to a landfill. In both cases the compound emissions, particularly due to the oxidation, are considered. The gaseous emissions (raw gas) is subjected to a treatment process where the transfer of some elements to the fly ash occurs, together with residual Ca(OH) 2 and charcoal used in this treatment. The speciation of elements is also considered.
To estimate the resulting leachate emissions from landfilled bottom and fly ash, transfer coefficients from the literature that are established for short and long term were used (Doka, 2009) which are presented in Table 7 . Applying these coefficients to each ash element allows estimating its content in leachates from short and long term respectively.
In the various models developed to assess the environmental impact of the incineration process in LCA studies of products there seems to be concordance on the distinction between resource consumption and emissions related to the process and to the product: -process-specific properties are modeled as being independent of the intrinsic properties of the product and typically modeled as following the amount of the product; -product-specific properties are partially or fully determined by intrinsic properties of the product, most frequently the material composition (Erichsen and Hauschild, 2000) . (1) Obtained from laboratory incineration tests . The values obtained for the furnace were considered ''fly ash'' and the ones for the bubbler flask 1 and 2 were considered ''air emissions''. The values for ''bottom ash'' were obtained by balance.
(2) Values obtained from Koehler et al. (2011) , Supporting information, Table 10 . The values for C already take into account the total transfer to the bottom ash of the C from the inert components of the batteries. For the remaining elements N, O and K this situation does not arise because they only exist in the burnable components. As there were no laboratory quantified emissions for Al, Si and Sn, the transfer coefficients for inert components were considered since these elements are only present in that type of components. * The Cr transfer coefficient for ''fly ash'' was corrected taking into account the results discussion in Almeida et al. (2009) and by comparison with other published values. Table 7 Transfer coefficients used in modeling bottom and fly ash landfilling processes (Doka, 2009 (4) 5.7EÀ11 unit Residual material landfill facility/CH (Doka, 2009 ) Process-specific burdens from the fly ash landfill (5) 2.7EÀ02 kg Process-specific burdens, residual material landfill/CH (Doka, 2009 ) Cement (6) 1.1EÀ02 kg Cement, unspecified, at plant/CH (Kellenberger et al., 2007 ) Disposal of cement and water used for fly ash solidification (7) 2.7EÀ02 kg Disposal, cement, hydrated, 0% water, to residual material landfill/CH (Doka, 2009 ) Transport, lorry (8) 6.8EÀ03 t km Transport, lorry 16-32 t, EURO4/RER (Spielmann et al., 2007 ) Ammonia -waste and process specific (9) (42) 0.20 kg Iron scrap, at plant/RER (Classen et al., 2009) Thus, the process-specific inputs are expressed per tonne of waste while product-specific ones are expressed per a quantity or content of a substance in the product (waste).
From the waste incineration results NO x and other N-containing air emissions; NH 3 , N 2 O and CN. NO x emissions are considered process and product specific, i.e., part is considered to be formed from nitrogen in combustion air (thermal NO x or process-specific NO x ) and the other part from nitrogen from waste (fuel-NO x , waste-specific NO x or product-specific NO x ) or more precisely, from the nitrogen in the waste that is transferred to the raw gas and can actually form these emissions (Doka, 2009) .
In this study a share of 75% fuel NO x and 25% of thermal NO x it is assumed (Erichsen and Hauschild, 2000; EEA, 2009) . Furthermore, as the Incineration system includes a De-NO x SNCR process, NH 3 emissions are also allocated in the same way and N 2 O emissions are considered fuel-specific (Doka, 2009) . No emissions of HCN were considered due to lack of data.
Although it is known that the use of activated carbon has a beneficial effect in removing Hg (and possibly other metals) from the gas, no further removal of mercury with charcoal was considered because the modeled transfer coefficient for Hg emission to air (4.1%) is close to that reported by Erichsen and Hauschild (2000) (4.8%) and much lower than that of Koehler et al. (2011) (17%) . In the slag, the modeled mercury value is higher than the one reported in both references.
In Table 8 , inputs and outputs for the incineration of 1 kg of batteries, including the data used, the calculation, the assumptions, the allocation processes and the data source for the inventory are presented.
Recycling
The inventory for the Recycling system is the one from Austria, Fernwärme Wien, presented in Xará et al. (2014) .
Life cycle impact assessment (LCIA)
As already mentioned the method of impact assessment Recipe 2014 with results at midpoint level and for the Hierarchist perspective (Goedkoop et al., 2013) was used. For that the different elementary inputs and outputs of the inventory of each system were classified and characterized for the different impact categories and taking into account the environmental compartment of concern that is shown in the respective inventory tables (Table 5 , in Appendix A, for Landfill and Table 8 for Incineration system).
In Figs. 5-7 (orange columns) the results of the impact assessment for 1000 kg of batteries, for each impact category and for the three management alternatives are presented. The analysis of the results is made in the following Interpretation section. In this analysis the environmental benefits arising from the recovery of materials and energy in the processes involved, as shown in the inventories of their systems, was also considered (green columns). In Fig. 8 the results for each system and for each impact categories are compared with the result of the system with worse environmental performance, scale to 100%.
For each system and for each impact category the processes or even the elementary streams that most contribute to its outcome were identified. This analysis is contemplated in Figs. 9-11, for Recycling, Incineration and Landfill systems, respectively, and allows the identification of improvement opportunities for each system for each impact category.
Scenarios for alkaline batteries management in continental Portugal in 2012 and 2016 assuming the quantities for each destination as referred to in Section 2.2.8, is shown in Fig. 12 , without the inclusion of the environmental advantages resulting from the materials and energy recovery in each system. The analysis of the results is also made in the following Interpretation section.
Interpretation
Comparison of management alternatives for each impact category
The comparison of the management alternatives is firstly done without considering the energy/materials recovery (Figs. 5-7 , orange columns).
For the impact categories of land transformation and occupation, for the Ecosystem protection area (Figs. 5 and 8 If additionally accounted for the recovery of materials and energy, under the conditions set out in their inventories, there is a noticeable advantage of the Recycling system for all the impact categories (Figs. 5-7 , green columns).
Improvement opportunities for each system
In the analysis of improvement opportunities for the Recycling system (Fig. 9) , through the identification of the processes that most contribute to its results, it is clear the influence of the transport, mainly in the impact categories from Ecosystem and Resources protection areas. In the impact categories of Human Health protection area there is also an important contribution of transport but the contribution of the recycling process could be considered more significant. The boxes production has meaningful results only for 3 impact categories related with land occupation and water consumption. The batteries collection and sorting appears with meaningful influence in Marine eutrophication. The processes or even the elemental flows that most contribute to the displayed results were further identified, with the possible detail, by analyzing the inventories.
For the Agricultural land occupation (ALO), the impact of the Recycling system is mainly due to the boxes manufacturing processes (96% of the total impact for this category) and particularly due to the paper production. For the other land categories the result obtained for the Recycling system is led by the contribution of the batteries international transport to the recycling unit; 33% and 39% respectively for ULO and NLT, in both cases due to the road land use. For ULO, the boxes manufacture is the second largest contribution (27%) for the Recycling system result, also due to the paper production. For NLT it is the recycling process itself that contributes with 36%, mainly due to the production of the fuel used in the process.
For the impact categories Terrestrial acidification (TA), Terrestrial ecotoxicity (TET), Marine eutrophication (ME), Climate Change (CC), Particulate matter formation (PMF) and Photochemical oxidant formation (POF), and Fossil depletion (FD) and Metal depletion (MD), the process that most contributes for the Recycling system result is the international transport of the batteries, 46%, 36%, 56%, 45%, 49%, 56% 40% and 47%, respectively (Fig. 9 ). This effect of the transport is mainly due to the emissions from the fuel use and also due to the lorry itself.
For all these categories in which transport has a predominant effect, and with the exception of ME, the recycling process is the second most important contribution to the result, ranging from 18% (POF) to 39% (FD). The impact is mainly due to fuel and electricity consumption for TA, TET, PMF and POF; to electricity consumption for CC; to fuel consumption for FD and to FeCl 3 consumption for MD.
Concluding, for the Recycling system there is no doubt about the environmental effect of the use of fuel -in the transport and in the recycling process itself -and of electricity and FeCl 3 consumption -in the recycling process.
Improvement opportunities for Incineration System are more varied (Fig. 10) , i.e. a larger number of processes or elementary flows have been identified (16) that influence the outcome of this system in the different impact categories.
In the Agricultural land occupation there is a 87% contribution of the charcoal production, due to the use of soil. The bottom ash landfill is the main contributor to the results for Urban land occupation (ULO) and Natural land transformation (NLT): for ULO predominates the effect of the specific burdens, i.e. the land occupation during the construction and by the landfill itself; for NLT the negative impact (positive value) due to the landfill construction (transformation of the land for the road network) is compensated by the transformation of the land after the landfill closure (negative value). The result of the Incineration system for Terrestrial acidification (TA), Particulate matter formation (PMF) and Photochemical oxidants formation (POF), is due to the emissions of nitrogen oxides, thermal (44%, 38% and 45%, respectively) and fuel (30%, 26% and 31%, respectively). Also the results for terrestrial ecotoxicity (TET) and Climate Change (CC) are predominantly due to air emissions from the incineration process itself: zinc (97%) and fossil CO 2 (88%), respectively. The same applies for the Depletion of water, mainly due (63%) to the water consumption in the process itself.
The long-term emissions to groundwater, resulting from bottom ash and fly ash landfills leachate (after 100 years), have predominant contributions to the impact categories of Marine 
Impact categories % relative to the system result with worst performance ecotoxicity (MET), Freshwater ecotoxicity (FET), Human Toxicity (HT) and Marine eutrophication (ME): emissions of Cu (37%) and Mn (29%) for MET; Cu (38%) and Zn (28%) for FET; nitrates (19%) for ME; and Mn (97%) for HT. So it is noticed an important effect of these long-term environmental burdens resulting from the incineration of batteries.
For the impact categories of Freshwater eutrophication (FE) and Ionizing radiation (IR), the result is predominantly caused by the use of cement in the solidification of ash from the incineration: the cement production contributes with 40% to the result in IR and the environmental burdens associated with its landfilling contribute with 42% to the result of FE. 
% contribution to the result of each impact category Boxes production Batteries collection and sorting Batteries international transport Recycling process Fig. 9 . Main processes contribution to results on recycling system for each impact category (only one process is included if its contribution is higher than 70%, two processes in the other cases or three if 2nd and 3rd contributors are of similar magnitude).
Processes that most contribute to the results of the incineration system Fig. 10 . Main processes contribution to results on incineration system for each impact category (only one process is included if its contribution is higher than 70% and two processes in the other cases).
From the bottom ash landfill result major environmental burdens for Ozone depletion (OD) and Fossil resources depletion (FD), respectively 37% and 33%, predominantly associated with the consumption of diesel and asphalt, respectively (Fig. 10) .
Concluding the analysis so far made to the Incineration system, there is an important contribution of atmospheric emissions from the incineration plant itself, but also from the ground water long-term emissions associated to the bottom and fly ash landfills and from the resources used in such landfills as the cement, diesel and asphalt. Additionally, the incineration plant itself has a significant contribution (77%) only for the metals depletion (MD).
In contrast, for the Landfill system (Fig. 11) there is a predominant effect of the construction and of the specific process burdens (independent of the waste to be treated) on the outcome of most of the impact categories. For 14 of the 18 impact categories analyzed, one of these two processes is dominant and only in four (MET, FET, HT and ME) their contributions are not significant.
For Marine and Freshwater ecotoxicities (MET and FET) and Human toxicity (HT) the contributions of long-term emissions of Cu (39% for MET and FET), and Mn (97% for HT) in the groundwater dominate the impacts. These emissions result from the leachate of the MSW landfill and from the landfilling of bottom and fly ash produced by the incineration of the sludge resulting from the treatment of the short-term leachate. For ME the long-term emissions of organic nitrogen in the groundwater (63%), resulting from the MSW landfill leachate, are the most important contribute.
For Urban land occupation (ULO), Natural land transformation (NLT), Terrestrial ecoxicity (TET), Freshwater eutrophication (FE), Climate change (CC), Photochemical oxidants formation (POF), Ozone depletion (OD), Ionizing radiation (IR), and Depletion of fossil (FD), metals (MD) and water (WD) resources, the effect of the landfill construction is predominant, ranging from 9% (for NLT) to 79% (for OD). In this cases the impact is predominantly due to: the land occupation and transformation by the road network for ULO and NLT; emissions associated with the fuel production used in the construction (for TET) and the use of this fuel (for CC and POF, respectively fossil CO 2 and nitrogen oxides); the environmental burdens associated with the asphalt production (for OD and FD, respectively emissions and consumption); emissions associated with the production of excavators (FE); maintenance of the road network (for IR); transport-related consumption (for MD) and the production of gravel (for WD).
For the Agricultural land occupation (ALO), Terrestrial acidification (TA) and Particulate matter formation (PMF) the contribution of specific burdens from the landfill dominates. For ALO the impact is due to the land occupation by the landfill itself, while for TA and PMF is mainly due to nitrogen oxides emissions from the diesel used during the distribution and compaction of waste on the site.
Concluding, for the Landfill system it is observed a significant environmental effect associated with the construction of the landfill itself and with the environmental burdens resulting from its operation. These burdens are however independent on the waste to be treated. Just for few impact categories of toxicity -MET, FET and HT, and additionally for marine eutrophication -there is a predominance of specific burdens of waste, due to long-term emissions in the groundwater.
Analysis of the environmental profiles 2012 and 2016
The environmental impacts of the scenarios were firstly calculated without considering the energy/material recovery.
The environmental profile of batteries management in continental Portugal in 2012 (Fig. 12) shows a major impact of the Recycling system for all the impact categories, except for TET, MET, FET, HT and ME, i.e. for all categories in which the Recycling system showed the worst performance in the comparative analysis with the other alternatives. For TET the impact of the incineration is prevalent while for the other categories (MET, FET, HT and ME), the impact of the Landfill dominates. Thus, since the European legislation established a minimum threshold for recycling, the improvement of the impact for this management Fig. 11 . Main processes contribution to results on landfill system for each impact category (only one process is included if its contribution is higher than 70% and two processes in the other cases).
system in Portugal must pass to intervene in these systems and in the impact categories listed. In 8 of the 13 impact categories in which the Recycling system has the highest contribution to the outcome of the environmental profile, the process that most influences its outcome is the international transport of batteries (ULO, NLT, TA, CC, PMF, POF, FD and MD). For 4 of the other categories the recycling process is dominant (FE, OD, IR and WD) and only for one (ALO) the outcome is dominated by the boxes manufacture. To improve the environmental performance of batteries management in Portugal, in the studied conditions, it is therefore important to first consider the choice of a recycling process in a nearest location and/or an alternative transport system with less environmental impact.
For the categories in which the environmental profile is dominated by the impact of the landfill destination (MET, FET, HT and ME) it is noteworthy that only for ME the Landfill system is the worst in the comparative analysis with the other alternatives. For the others the Incineration and the Landfill systems have impacts of similar magnitude. The dominance of the Landfill in the analysis of this environmental profile results from the fact that the fraction of batteries which is sent to the landfill is significantly higher than the fraction sent to incineration. The performance improvement of the Landfill system may pass through a better control of long-term emissions into groundwater: copper and manganese, in case of MET and FET; manganese in case of HT; and organic nitrogen in case of ME. The improvement, at the level of TET, of the implemented system, in which, as already mentioned, the contribution of incineration is prevalent, can pass through the control of zinc emissions to air in the incineration process.
The environmental profile for 2016 shows the same dominance of the Recycling system not only for all the categories referred to 2012, but also for TET and ME for whom this system overcomes the effect of the Incineration and of the Landfill, respectively. For all the categories the increase of the Recycling contribution is remarkable, especially for ULO, NLT, and TET this increase is more accentuated. For the other categories of toxicity (MET, FET and HT) the same proportion of the contribution between the Landfill and the Incineration remains with dominance of the Landfill. This profile reflects, as mentioned above, a possible situation for compliance with battery recycling targets set for 2016. In this case, the improvement of its environmental performance can pass through the intervention in the processes, as previously mentioned in the analysis of the Profile for 2012. As in this situation the impact on TET and ME is dominated by the Recycling system, its reduction should be considered, which may involve the intervention in the international transport of batteries, the process that most contributes to the result of this system in these categories. If the environmental benefits resulting from the recovery of materials and energy are considered the environmental benefit associated with materials recovered in the Recycling is noticeable and dominates the environmental profile. The main contribution to the advantages of the recycling system is due to the Waelz slag as a material replacing gravel/sand.
Conclusions
The 3 management alternatives for spent alkaline batteries collected in continental Portugal (landfilling, incineration and recycling in Austria) were compared using the LCA methodology and the impact assessment method Recipe 2014 at the midpoint level and the Hierarchist perspective. This method includes 18 impact categories of Ecosystem, Human health and Resources protection areas.
For the Landfill and Incineration systems, the final destination processes were modeled to estimate the resources consumption and the emissions (input and output flows) taking into account both the parameters of the processes in Portugal and the specific composition of the AA alkaline batteries, thereby obtaining specific results for this kind of waste. For the Recycling system primary data from the industry were used.
The environmental impact of the three systems were first calculated without considering the energy/material recovery and for 13 of the 18 impact categories analyzed (all the categories except TET, MET, FET, HT and ME) the Recycling system appears as the worst option. The Incineration option shows the highest impact for the TET and the Landfill is the worst system for ME. Finally, for MET, FET and HT the results for the Landfill and the Incineration systems are of the same magnitude.
Additionally, the processes that most contribute to the impact of the three systems have been identified. These should be considered to improve the waste battery management system. Thus, for the Recycling system and the impact category Agricultural land occupation, improvement may be achieved in the boxes manufacture, particularly in the production of their paper components; for the other impact categories the performance improvement of the system pass through the intervention on the kind of international transport and/or in the recycling process itself, but there is a significant effect in more impact categories by acting on transport. In this system, it is of great importance the environmental effect of the use of fuel -in the transport and in the recycling process itself -and of the electricity and FeCl 3 -in the recycling process.
For the Incineration system, there are several processes, resources and emissions that determine the outcome in the 18 impact categories considered, some of which are independent of the waste in study, i.e., that occur similarly for any other waste. There is an important contribution of air emissions from the incineration plant itself, but also of the ground water long-term emissions from bottom and fly ash landfills, and of resources for such landfills, as the cement, diesel and asphalt. For the impact categories to which the system showed a worse performance in a comparative analysis with the other two alternatives, the improvement may involve the intervention in zinc emissions to air (for Terrestrial ecotoxicity) and in the long term emissions of copper, manganese and zinc in ground water. These long-term emissions result from the leachate after 100 years of deposition of the resulting fly ash and bottom ash from incineration and the zinc air emissions result from the batteries incineration.
For the Landfill system, it is observed a significant environmental effect associated with the construction of the landfill and with the environmental burdens resulting from its operation, but independent of the waste to be treated. Just for the impact categories of toxicity -MET, FET and HT, and additionally for Marine eutrophication -there is a predominance of specific burdens of waste, long-term and for groundwater. Although this is not the system with the worst performance in the Marine and Freshwater water ecotoxicity and Human toxicity, it is the second worst system immediately after the Incineration and with the results of the same order of magnitude. In this case, the improvement may also pass through the long-term emissions of copper and manganese to ground water. These long-term emissions result from both the MSW landfill, as well as from the landfills of bottom and fly ashes from the incineration of sludge from the leachate treatment. Furthermore, for the impact category in which the Landfill is the worst performing system -Marine eutrophication -the improvement can pass through the reduction of emissions of organic nitrogen resulting from the long-term leachate of the MSW landfill.
For all the impact categories of this method if further accounted for the recovery of materials and energy, under conditions set out in their inventories, the Recycling system appears with a noticeable advantage.
The environmental profile of the management of spent batteries from continental Portugal shows the dominance of the Recycling system for all the impact categories in which this system shows the worst performance in the comparative analysis of the three alternatives. For Terrestrial ecotoxicity the Incineration system shows the worst performance on that analysis and maintains a predominant contribution to the environmental profile of 2012. But for the other categories (Marine and Freshwater ecotoxicity and Human toxicity), the low environmental performance of the Incineration is surpassed by the one of the Landfill system, because the amount of batteries with this final destination is larger and the relative impact of the two systems is similar, as mentioned before. For Marine eutrophication it is also the Landfill -the worst of the three systems in this category -that marks the result in the environmental profile for 2012.
The increase in the recycling rate, reflected in the environmental profile for 2016 will lead to the dominant influence of the Recycling system in Terrestrial ecotoxicity (formerly dominated by the Incineration system) and Marine eutrophication (formerly dominated by the Landfill system). For all categories the increase of the recycling contribution is remarkable, but for Urban land occupation, Natural land transformation and Terrestrial ecotoxicity this increase are more accentuated. For all these it is prevalent the effect of the international transport of batteries for recycling.
Based on the results from this study it should be questioned the environmental benefits of recycling abroad the household alkaline batteries collected in continental Portugal. Since the low environmental performance of the Recycling system is particularly due to the international transport of the batteries to the recycling plant, it is foreseen that a recycling facility located in Portugal, could bring a positive contribution to the environmental impact of the legislation compliance.
However, in the case of allocating the environmental advantage of materials and energy recovery to each respective system, recycling has a predictable beneficial and predominant effect.
The knowledge developed in this work may constitute a scientific support in future studies aiming at defining the best option for the management of this waste in light of the legislation; may also serve as an example and/or guidance to other works with the same objective to be done in other geographic and even Europe-wide areas; eventually, it may contribute to justification for future legislation; or even as a guide to studies to be done in other waste flows.
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Appendix A
See Tables 1 and 3 -5. Appendix B. Notes of Table 8 (1) Infrastructure. Amount calculated taking into account the total amount of waste incinerated during the lifetime of the incineration plant. Operation time was considered 40 years and waste throughput of 100,000 tons/year.
Although the average capacity of the two MSW incineration plants operating in continental Portugal is 521,000 tons/year, this reference for the inventory was considered which corresponds to assume that the infrastructure environmental load per unit of incinerated waste would be identical even for an incineration plant with other capacity.
(2) Infrastructure. Slag compartment for bottom ash from municipal solid waste incineration. The compartment is a sealed-off part of a sanitary landfill.
Calculated with the mass of bottom ash produced from the incineration of 1 kg of batteries, obtained from the application of the incineration total transfer coefficients (Table 6 ) to the batteries composition (Table 3) , adding the oxygen necessary for the oxidation of the different elements and discounting the iron removed in the bottom ash descrapping.
In the calculating it was also taken into account the capacity of the slag compartment, equal to 562,500 tons and as previously its environmental load per unit of waste was considered independent of its total capacity.
(3) Process-specific (i.e. independent of waste composition) energy demand and land use of landfill.
Calculated using the total amount of the bottom ash to landfill, obtained in the previous item.
(4) Infrastructure materials for landfill construction, operation and aftercare, including access road. Inorganic landfill for polluted inorganic wastes.
Calculated from the total amount of fly ash (without cement) and the total capacity of the landfill. For inventory purposes the cement landfilling is separately considered (see below). The amount of fly ash was obtained by applying the incineration transfer coefficients (Table 6 ) to the batteries composition and taking into account; the oxygen necessary for oxidation of the different elements, the CaCl 2 and CaSO 3 resulting from the partial removal of HCl and SO 2 from the raw gas using Ca(OH) 2 , the Ca(OH) 2 in excess, and the activated carbon used for dioxins removal.
(5) Process-specific (i.e. independent of waste composition) energy demand and land use of landfill.
Calculated using the total amount of the fly ash to landfill, obtained in the previous item.
(6) Cement amount for fly ash solidification, calculated taking into account; the fly ash amount, and the ratio of cement, fly ash and water, considered as 20%: 50%: 30% (Doka, 2009) . (7) It is included the landfill infrastructure, the process-specific burdens, the waste-specific short-term emissions to water (river) and long-term emissions to ground water from leachate.
Calculated from the amount of cement + water, used in the ashes solidification. The cement composition for this inventory is from Doka (2009) . (8) Includes the following transports, whose average transport distances were calculated for Lipor and Valorsul: -Ammonia, Ca(OH) 2 and activated carbon, 150 km by lorry (100 km Lipor and 200 km Valorsul).
-Cement, 100 km (150 km Lipor and 50 km Valorsul); -Bottom ash and solidified fly ash to the landfill, 10 km (0 km Lipor and 20 km Valorsul). Table 1 Characteristics of the sanitary landfills in operation in continental Portugal in 2012 and some parameters of the landfill model (from Doka (2009) Diesel consumption (l/ton waste)
From 0.58 to 15, mean = 2.9 Note 4 1.3
Landfill gas treatment Only for 3 landfills (5% of the total capacity) gas collection was not referred 47% emitted directly 60% of the total landfill capacity (9 landfills) had or foresaw landfill gas recovery (electricity). All the others (35%) had or foresaw open flare without energy recovery. Note 5 53% captured:
Assuming a collection efficiency of 40%: -66% recovered (electricity and heat, efficiency of 27.8 and 13.5 respectively) -38% of the total produced landfill gas is collected; 62% is directly emitted -34% open flare without energy recovery -66.7% of the collected gas is recovered and 33.3% is open flared Leachate treatment Leachate production is not available Leachate production: 0.025 l/a All the landfills have local treatment or local pretreatment previous to municipal wastewater treatment Municipal wastewater treatment plant + incineration of sludge Resulting sludges are landfilled Note 1. Average of 26 sanitary landfills. Note 2. From 19 sanitary landfills (7 did not report the water consumption). Note 3. From 20 sanitary landfills (5 did not report the electricity consumption, the value of 72 kW h/ton waste reported by one landfill was excluded). Note 4. From 19 sanitary landfills (6 did not report the diesel consumption, the value of 18,709 l/ton waste reported by one landfill was excluded). Note 5. Even the landfills with gas recovery have the alternative of gas burning in flare without energy recovery as support. (4) 9.2EÀ06 (5) 5.6EÀ05 (5) Arsenic (6 Share of iron that is metallic/recyclable (9) Ammonia consumption for waste and process specific NO x emissions reduction. Although in the Lipor incineration was used urea (an alternative of ammonia) in 2012 (Lipor, 2013) , in this inventory the use of ammonia was considered for both plants, with a consumption equal to 6 g of 25% aqueous solution per kg of waste (1.5 g at 100%) (Doka, 2009; Valorsul, 2009) .
Waste-specific emissions treatment: The share of Ammonia consumption due to waste NO x emissions (75% of the total, see note 24 for NO x waste specific emissions calculation) was used to calculate the Ammonia consumption per kg of N in the raw gas that was then applied to the N emission from batteries (which calculation is also explained also in note 24) that is due to the plastic grommet.
Process-specific emissions treatment: Calculated from the Ammonia consumption and the share of thermal (process) NO x that is equal to 25% (note 18).
(10) The aqueous solution used to neutralize the acid gases is prepared from lime. Its consumption was calculated as 1.5 times higher than the stoichiometric ratio and taking into account the Cl and S amount in the raw gas (whose calculations are detailed in notes 25 and 23 respectively); 1.56 kg/kg Cl and 3.46 kg/kg S. The efficiency of removal of Cl and S were respectively 97% and 87% (Bicocchi, 1998) .
(11) The consumption of activated carbon was considered equal to 0.43 kg/ton MSW, the weighted average value of Lipor for 2012 (Lipor, 2013) and the value for Valorsul assuming that for 2012 was the same as in 2007 (Valorsul, 2009 .
(12) The water consumption was considered equal to the weighted average of the project values for Lipor, 0.5 m (13) The natural gas consumption was considered equal to the weighted average of the project values for Lipor (APA, 2014c) and Valorsul, (APA, 2014d) . The heat value of the natural gas is assumed equal to 38.7 MJ/m 3 . (14) The diesel consumption was considered equal to the weighted average of the project values for Lipor (APA, 2014c) and Valorsul (APA, 2014d) . The diesel volumetric mass density is assumed equal to 0.84 kg/l.
(15) Process-specific emission. Obtained from Koehler et al. (2011) , for the incineration plants in Portugal, percentile 50.
(16) Process-specific emission. Obtained directly from the weighted average of the total emission for Lipor in 2012, 1269 kg (Lipor, 2013) , and considering the emission from Valorsul the one for 2009, 12 g/ton waste (Valorsul, 2009) . The PM (<2.5) = 99.5%, PM (2.5-10) = 0.5% and PM (>10) = 0% fractions are from Doka (2009) .
(17) Process-specific emission. Obtained directly from the weighted average of the total emission for Lipor in 2012 , 4 mg (Lipor, 2013 and for Valorsul, 25 mg (Valorsul, 2013) .
(18) Process-specific emission, thermal NO x . The total NO x emission was considered 0.735 g/kg waste, the weighted average of the total emission for Lipor in 2012 , 272,317 kg (Lipor, 2013 and for Valorsul, 382 ton (Valorsul, 2013) . It was assumed that 25% correspond to thermal NO x (see text, Section 3.3). Waste-specific or fuel NO x emission is below and explained in note 24.
(19) Process-specific emission. The total Ammonia emission was considered 3.53 mg/kg waste, obtained from Koehler et al. (2011) for the incineration plants in Portugal, percentile 50. 25% of this emission is assumed as thermal or process-specific (see text, Section 3.3). Waste-specific emission is explained in note 24.
(20) Process-specific emission. The total CO emission was considered 35 mg/kg waste, the weighted average of the total emission for Lipor in 2012 , 11,833 kg (Lipor, 2013 and for Valorsul, 19 ton (Valorsul, 2013) . The biogenic and fossil share was calculated from the batteries composition (Table 3) .
(21) Process-specific emission. The total CH 4 emission was considered 6.22 mg/kg waste, obtained from Koehler et al. (2011) for the incineration plants in Portugal, percentile 50. The biogenic and fossil share was calculated from the batteries composition (Table 3) .
(22) Calculated from the C in the raw gas, obtained from the application of the incineration total transfer coefficients (Table 6) to the batteries composition (Table 3) , deducting the amount of C in CO, CH 4 and NMVOC process-specific emissions (75% w/w in C, according to Erichsen and Hauschild (2000) ). The biogenic and fossil shares were calculated from the batteries composition (Table 3) .
(23) Calculated from the S in the raw gas, obtained from the application of the incineration total transfer coefficients (Table 6) to the batteries composition (Table 3) , and a removal of 87% (Bicocchi, 1998) by the semi-dry flue gas treatment with lime aqueous solution. The removed amount is part of the fly ash.
(24) The NO x emission per kg of N in flue gas was calculated from the fuel NO x (75% of the total, see NO x -thermal emission in this table and note 18), the N amount in average waste (considered equal to 5 kg/kg waste from calculations with waste composition for Portugal in 2012 (APA, 2013b) and the elemental waste composition from Koehler et al. (2011) ) and the transfer coefficient for N to flue gas for average waste (assumed equal to 0.99).
That factor was applied to the N emissions in the raw gas obtained from the application of the incineration total transfer coefficients (Table 6 ) to the batteries composition (Table 3) .
For Ammonia emission the calculations are similar. For the N 2 O emission, a waste-specific (fuel) emission, the same approach was used without the division on fuel and thermal (see text, Section 3.3). The total emission was considered 7.32 mg/kg waste, obtained from Koehler et al. (2011) for the incineration plants in Portugal, percentile 50.
(25) Calculated from the Cl in the raw gas, obtained from the application of the incineration total transfer coefficients (Table 6) to the batteries composition (Table 3) , and a removal of 97% (Bicocchi, 1998) by the semi-dry flue gas treatment with lime aqueous solution. The removed amount is part of the fly ash. Table 4 Parameters used on the calculation of transfer coefficients for the landfilling modeling (Doka, 2009 (6) Soil emissions, industrial -from short-term decomposition of waste (0-100a) 3.8EÀ02 (7) Water emissions, ground, long-term -from longterm decomposition of waste (>100a)
(8)
Air emissions, high population density -from incineration of sludge from short-term leachate treatment 1.0EÀ03 (4) Water emissions, river -from incineration of sludge from short-term leachate treatment
1.3EÀ04 (4)
Outputs Amount, MJ Source of inventory data Electricity production 2.5EÀ04 (9) Electricity, production mix/PT (Frischknecht et al., 2007) (1) Infrastructure, resources and emissions process-specific for the landfill itself. Calculated taking into account the amount of batteries to landfill (1 kg) and the capacity of the landfill (1,800,000 ton).
(2) Calculated from the amount and composition of the leachate produced according to Doka (2009) . (3) Air emissions from direct release or incineration of landfill gas are determined by application of TK gas to the batteries composition. In the text (Section 3.2) the TK gas calculation is explained. Of these emissions 62% correspond to gas that is not captured (Table 1) and are directly emitted and the remainder (38%) is subjected to combustion; 33.3% in open flare and 66.7% for energy recovery (Table 1 ). For C, S, N and Cl the following air emissions speciation are considered: a. For C -CO 2 , CO, CH 4 , NMVOC and Particles. CO 2 and CH 4 emissions exist in both directly emitted and combusted gas; all the others only exist in the combusted gas. Both the direct and the combusted emission of each compound are calculated using the respective C total emission (direct and combusted) and the content of each compound per g of C in the landfill raw gas or in combusted landfill gas, respectively, obtained from literature; -For landfill raw gas (direct emission) the reported data are (Doka, 2009 ): CO 2 -1.6; CH 4 -0.75 g of compound per g of C.
-For combusted gas the reported data are (Doka, 2009 ): CO 2 -3.7; CO -3.1EÀ04; CH 4 -2.5EÀ05; NMVOC -5.9EÀ06; Particles (all assumed >2.5 lm) -1.0EÀ04 g of compound per g of C.
-For CO 2 , CO and CH 4 the fossil and the biogenic fractions are separately accounted for using the respective share of biogenic/fossil C in the degraded residue. b. For S -SO 2 ; and for Cl -HCl; both are present in direct emitted and combusted gas. In the calculation, the weight increase due to the speciation to SO 2 (2) and HCl (1.03) is taken into account.
(26) Calculated from the application of the incineration total transfer coefficients, obtained by laboratory tests (Table 6) , to the batteries composition (Table 3) . It exists in both inert and burnable components. No removal was considered.
(27) Calculated from the application of the incineration total transfer coefficients, obtained by laboratory tests (Table 6) , to the batteries composition (Table 3) . It exists only in inert components (metals) but some transference was verified to fly ash and air emissions. No removal was considered.
(28) Calculated from the application of the incineration total transfer coefficients, obtained by laboratory tests (Table 6) , to the batteries composition (Table 3) with correction of the amount in the fly ash. It exists in both inert and burnable components. No removal was considered.
(29) Calculated from the application of the incineration total transfer coefficients, obtained by laboratory tests (Table 6) , to the batteries composition (Table 3) . It exists only in burnable components. No removal was considered.
(30) Calculated from the application of the incineration total transfer coefficients, from Koehler et al. (2011) , (Table 6) , to the batteries composition (Table 3) . It exists only in burnable components. No removal was considered.
(31) Waste heat generated in MSWI, calculated from the energy content of the waste excluding the amount of energy leaving the plant as net produced electricity. The distribution between air and water was estimated as 93.6 and 6.4% respectively, with all the parameters from Doka (2009) , except the water amount that was specific for this inventory (see Water input and note 12 and Heat waste as Water emission to river).
(32) For bottom ash: Calculated from C short-term and long-term emission respectively, assuming that all C, except the one from metal components of the batteries, is organic and applying a DOC ratio factor to calculate BOD ($0.83), COD ($2.5). That short and long term emission results from the multiplication of a transfer coefficient (Table 7) by the bottom ash C emission obtained from multiplying the C in the batteries by the transfer coefficient of C from Koehler et al. (2011) (Table 6 ). The C from the metal components that goes directly to the bottom ash is considered harmless (Doka, 2013) and not inventoried. That C is 2.0EÀ04 kg/kg waste.
For fly ash: The calculation was similar for fly ash without cement but here the C was considered to be 100% organic (Doka, 2009) . The charcoal was assumed 100% C and with a similar behavior in landfill as the remaining C in the fly ash.
(33) For bottom ash: Calculated from S short-term and long-term emission respectively, considering the weight increase to SO 4 . That short and long term emission results from the multiplication of a transfer coefficient (Table 7) by the bottom ash S emission obtained from multiplying the S in the batteries by the transfer coefficient of S from laboratory tests ( Table 6) .
For fly ash: The calculation was similar for fly ash without cement but here apart from the S estimated from the transfer coefficients (Table 6 ) and the batteries composition the S from SO 2 removed by Ca(OH) 2 from the raw gas was also taken into account.
(34) For bottom ash: Calculated from N short-term and long-term emission respectively, considering the weight increase to NO 3 . That short and long term emission results from the multiplication of a transfer coefficient (Table 7) by the bottom ash N emission obtained from multiplying the N in the batteries by the transfer coefficient of N from Koehler et al. (2011) (Table 6 ).
For fly ash: There are no N transfer to fly ash (Table 6 ).
(35) For bottom ash: Calculated from Cl short-term and long-term emission respectively, resulting from the multiplication of a transfer coefficient (Table 7) by the bottom ash Cl emission obtained from multiplying the Cl in the batteries by the transfer coefficient of Cl from laboratory tests (Table 6) .
For fly ash: The calculation was similar for fly ash without cement but here apart from the Cl estimated from the transfer coefficients (Table 6 ) and the batteries composition the Cl from HCl removed by Ca(OH) 2 from the raw gas was also taken into account.
(36) For bottom ash: Calculated from the element short-term and long-term emission respectively, resulting from the multiplication of a transfer coefficient (Table 7) by the bottom ash emission for that element, obtained from multiplying the element content in the batteries by the transfer coefficient of the element from laboratory tests (Table 6) .
For fly ash: The calculation was similar for fly ash without cement.
c. For N -NO 2 ; only present in the combusted gas. The calculation is similar to the one explained for the C compounds using the content of NO 2 per g of N in the combusted landfill gas equal to 8.5EÀ03 (Doka, 2009) . (4) Emissions (water, air and heat) from short-term leachate treatment and incineration of resulting sludge were calculated from the amount and composition of the leachate produced: the amount of leachate is considered equal to 2.5EÀ03 m 3 per kg of waste over the 100 years (Doka, 2009) ; the leachate composition was obtained by application of TK short-term leachate to the batteries composition. In the text (Section 3.2) the TK short-term leachate calculation is explained. For S and N the following leachate speciation are considered: a. For S -SO 4 ; it is considered all the S emitted as Sulfate. b. For N -NH 4 (31.7%), Norg (66.6%), NO 2 (0.7%) and NO 3 (1.0%); the share of the total N in each leachate specie were obtained from literature (Doka, 2009 ). The models used for both the leachate treatment and the incineration of resulting sludge processes are from Doka (2009) without any change and so the calculations are not detailed here. In that model, that contains not only the direct burdens from the leachate treatment itself but also the burdens from sludge disposal (incineration and landfilling of resulting ash) individual factors describing the burdens created from 1 kg of pollutant in 1 m 3 wastewater are calculated for each pollutant in the leachate.
(5) Emissions from long-term leachate (>100a) directly from MSW landfill were obtained by application of TK long-term leachate to the batteries composition. In the text (Section 3.2) the TK long-term leachate calculation is explained. For C, S and N the following leachate speciation are considered: a. For C -The BOD 5 and COD emissions were determined from TOC using the respective ratios ($0.26 for BOD5 and $1.1 for COD, from Doka, 2009 ). b. For S -SO 4 (93.1%) and H 2 S (6.9%). c. For N -NH 4 (31.7%), Norg (66.6%), NO 2 (0.7%) and NO 3 (1.0%). The share of the total S and N in each leachate specie were obtained from literature (Doka, 2009 ). The emissions resulting from the incineration of sludge from leachate treatment were obtained as explained in the end of note 4. (6) Heat produced in carbon combusted: obtained from the product of C as CH 4 in the combusted gas and the energy content in C considered equal to 40 MJ/kg (Doka, 2009) . The wasted parte is given by the share of gas combusted in open flare (33.3%). (7) This is the reaming short-term heat waste: Obtained from the heat liberated in 100 years, discounting the Carbon combusted (note 7) and the C directly emitted as CH 4 (note 4). The heat liberated in 100 years is calculated as the product of the upper heating value of the batteries and the share of heat content degraded in 100 years. (8) This is the remaining long-term heat waste, obtained from the upper heating value of the batteries and discounting the heat liberated in 100 years (see note 7). (9) Calculated from the share of heat produced in carbon combusted that is 66.7% of the total (note 7) and using an Efficiency of conversion of 13.5% (Doka, 2009 ).
* Environmental compartment (see text, Section 4).
(37) Sn, Si and Al only exist in the inert part and so were considered to be totally transferred to the bottom ash. They were not determined in laboratory tests.
(38) Fe exists only in the fly ash because that existed in the slag was separated magnetically. The transfer coefficients are from laboratory tests (Table 6) .
(39) Only in fly ash, is the short-term and long-term emission respectively corresponding to the Ca introduced via Ca(OH) 2 , obtained by multiplying the amount of Ca in the fly ash and the transfer coefficient (Table 7) .
(40) For bottom ash: Calculated from K short-term and long-term emission respectively, resulting from the multiplication of a transfer coefficient (Table 7) by the bottom ash K emission obtained from multiplying the K in the batteries by the transfer coefficient of the element from Koehler et al. (2011) (Table 6 ).
(41) Calculated as the difference between the gross energy produced (obtained by multiplying the lower heating value by the gross electric efficiency technology that was assumed equal to 20%) and the total energy consumed (which is the sum of the energy required for magnetic separation of bottom ash, calculated from the Fe removed and assuming 0.15 MJ/kg Fe (Doka, 2009) , and the internal energy consumption, explained below, that was considered equal to 0.205 MJ/kg waste).
Since the electricity consumption per amount of waste in the incineration plants from Lipor and Valorsul have very different values for 2012; based on their sustainability reports, respectively 1.04 (Lipor, 2013) and 79.3 kW h/ton waste (Valorsul, 2013) , the values from the project were used to estimate this consumption, 52.6 (APA, 2014c) and 71.75 kW h/ton waste (APA, 2014d) respectively. The weighted average gives 65 kW h/ton waste. From this it was subtracted 8 kW h/ton waste (0.029 MJ/kg waste) for magnetic separation of bottom ash which results in 57 kW h/ton waste or 0.205 MJ/kg waste.
(42) Calculated assuming that all metallic Fe in the bottom ash is removed.
